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Abstract: Reclaimed water has been widely used to restore rivers and lakes in water scarce areas
as well as in Beijing municipality, China. However, refilling the rivers with reclaimed water may
result in groundwater pollution. A three-year field monitoring program was conducted to assess
the effect of a riverbank filtration (RBF) system on the removal of nitrogen and organics from the
Qingyang River of Beijing, which is replenished with reclaimed water. Water samples from the
river, sediment, and groundwater were collected for NO3-N, NH4-N, and chemical oxygen demand
(COD) was measured. The results indicate that about 85% of NO3-N was removed from the riverbed
sediments. Approximate 92% of NH4-N was removed during the infiltration of water from river to
aquifer. On average, 54% of COD was removed by RBF. The attenuation of NO3-N through RBF to
the groundwater varied among seasons and was strongly related to water temperature. On the other
hand, no obvious temporal variability was identified in the removal of COD. These results suggest
that the RBF system is an effective barrier against NO3-N, NH4-N and COD in the Qingyang River,
as well as those rivers with similar geological and climatic conditions refilled with reclaimed water.
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1. Introduction

Beijing faces severe problems including water scarcity and water pollution, which together
are becoming key factors restricting development [1]. With the increase in scale of wastewater
collection, treatment and disposal, treated wastewater has been widely reused in agricultural irrigation,
landscape water and domestic supplies [2,3]. The majority of rivers have desiccated due to prolonged
drought and excessive consumption. Thus, reclaimed water (i.e., treated municipal wastewater) has
become a vital and inevitable water source for the urban landscape and rivers in Beijing. According
to the Beijing Water Authority, more than 8 × 108 m3 of reclaimed water was utilized in 2014,
accounting for 23% of total water consumption. Nearly 5 × 108 m3 of reclaimed water was used
to replenish rivers and lakes [4]. According to the Surface Water Quality Standard, reclaimed water in
Beijing typically meets the standard of level V2 for surface water quality, which is characterized by
higher concentrations of nitrate, ammonium, salt and organic matter than those in freshwater [5,6].
Consequently, the replenishment of rivers and lakes with reclaimed water may result in groundwater
contamination, which may pose a potential risk to human health. The presence and fate of organic
carbon and nitrogen during bank filtration have received increased attention. Moreover, the occurrence
of nitrogen and organic pollution in groundwater has been found to be a problem in Beijing and
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surrounding areas in recent years. However, the environmental effects of long-term exposure to
nitrate and organic compounds, especially organic micropollutants, are largely ignored. Specifically,
uncertainty remains in our knowledge of the magnitude and spatial–temporal changes of nitrogen and
chemical oxygen demand (COD) in groundwater in our study area.

Riverbank filtration (RBF) is a natural aquifer recharge process. It has been widely used to
recover filtrated water from RBF for domestic use in recent years. As surface water flows from the
river through the stream-bed and aquifer to the pumping wells, a wide variety of contaminants are
naturally attenuated [7–12]. Nevertheless, the differences in hydrogeological conditions, climatic
conditions and river water quality in any specific area may cause different results even with the same
riverbank filtration system. Both the hydrogeological conditions and saturated/unsaturated conditions
comprising the infiltration zone are important in the removal of river-borne pollutants [13]. Various
biogeochemical activities take place within riverbed sediments [14]. Previous studies have found that
redox conditions in sediment play an important role in altering the chemistry of infiltrating water [15].
Others have found a positive effect of available organic carbon on the denitrification rates in river
sediments [16–18].

The processes of RBF that improve water quality are influenced by several factors such as
temperature, redox conditions, the characteristics of the saturated zone, river water quality [19–21]
and different hydrogeological conditions [22,23]. For example, seasonal changes in river flow and
temperature can result in rapid changes between aerobic and anoxic conditions. The variable
microbial activities under different redox conditions can affect the attenuation efficiency of water
quality parameters during RBF [24]. Higher temperatures generally increase the mineralization
potential [25,26]. Some researchers [19,27] have found that long flow paths and travel times between
river water and pumping wells have a beneficial effect on the elimination of nitrate and organic
compounds, but the presence of anoxic groundwater conditions can have undesirable effects, such as
the dissolution of manganese and iron oxides and ammonification.

Reclaimed water has increasingly been used in rivers and lakes in Beijing in recent years, while the
environmental risks to groundwater still remain poorly known [28,29]. The mechanism for contaminant
removal and the corresponding impact factors through the RBF system with reclaimed water need to
be further investigated. Therefore, a RBF system was selected, and the removal processes of NO3-N,
NH4-N, and COD through riverbank filtration over a three-year period (2013–2015) were analyzed.
The aims of the present work are to: (i) investigate the attenuation behavior of NO3-N, NH4-N, and
COD along the infiltration path from the river to groundwater; and (ii) examine the influence of
seasonal variations of environmental factors on the removal of NO3-N, NH4-N, and COD.

2. Materials and Methods

2.1. Site Description

The Qingyang River, which forms the principal source for the dragon-shaped water system in
the Beijing Olympic Forest Park, is located at 40◦00′–40◦02′ N and 116◦22′–116◦24′ E at the northern
end of the Beijing city axis. Qingyang River is an artificial river without natural flow, and it is refilled
with reclaimed water. With a total area of 0.25 km2, the 9 km-long Qingyang River comprises the
Qinghe diversion canal and the Yangshan drainage ditch, with the latter discharging excess water into
the Qinghe River (Figure 1). The Qingyang River has been recharged by reclaimed water since 2008,
with approximately 1.5× 106 m3 of reclaimed water discharged into the surface system between March
and November each year. The daily discharge was around 6048 m3/d during the period of reclaimed
water recharge (from 15 March to 17 November in 2014). The reclaimed water was replenished into the
Qingyang River via the conveyance pipeline in the northwest part of the Qinghe diversion canal, and
the recharge point was 1.1 km from the sampling section (Figure 1). The recharge rate of reclaimed
water was around 0.07 m3 s−1.



Water 2018, 10, 491 3 of 16

The results of precipitation, river stage and groundwater levels are shown in Figure 2. As shown
in Figure 2, the annual rainfall was 457 mm and the largest precipitation event (106 mm) was recorded
on 2 September in 2014. In the early recharge period, a sudden surge in the river stage prompted
an emergency release of the excess storm water from the drainage system to Qinghe River. The river
stage showed subtle variation over the course of the year, with an obvious decrease occurring between
August and September owing to flood discharge. The average width of the watercourse is 18.0 ± 5.0 m.
As shown in Figure 2, the groundwater table is about 4.0–5.0 m below the ground surface, and was
primarily influenced by river flow during the study period. At the study site, continuous infiltration
of the Qingyang River through a saturated zone can be confirmed. The elevation of the river surface
(around 36.4 m) is higher than the groundwater level (33.0 m), and the river channel was continuously
recharged with reclaimed water for a long period, therefore, the river recharges the groundwater along
the flow direction, as shown in Figure 3.

Figure 1. Location of the study site and location of sampling points.

Figure 2. Variation of the river stage and groundwater table in sampling well 3 and precipitation from
March to November in 2014.
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Figure 3. Schematic of the sampling points at the sampling section.

Olympic Forest Park is characterized by a natural landscape with vegetation of weeds such as
Chenopodium album, Eleusine indica and Artemisia annua, well-maintained grass of clipped Zoysia japonica
and artificial forestland such as Platycladus orientalis and Picea asperata. Soil samples were collected
at this monitoring site at 0.2 m intervals, from the surface to a depth of 9 m. Soil particle size
distribution was analyzed using a Mastersize 2000 (Malvern Instruments, Malvern, UK) and organic
matter content was measured using the potassium dichromate method. Particle size distribution and
organic matter content are provided in Table 1. The hydraulic conductivity (K-value, m/day) of the
soil at the monitoring site was estimated by the Rosetta model developed by the United States Salinity
Laboratory [30]. The soil profile exhibited a sandwich-like texture distribution. Layered heterogeneity
exists in the unsaturated and saturated zones of the study area. This may cause preferential flow,
however, it is difficult for us to exactly identify the pathway of preferential flow. Additionally,
the biogeochemical processes in different layers of the aquifer may be different due to the difference in
clay content.

Table 1. Particle size distribution and organic matter content in the soil profile at the monitoring site.

Soil Depth (cm) Sampling
Numbers (n)

Particle Size Distribution (%) Organic Matter
Content (%)

Soil Texture K-Value (m/day)
0.01–2 µm 2–50 µm 50–2000 µm

0–40 6 9 47 44 3.26 Loam 0.31
40–100 9 12 52 36 2.51 Silt loam 0.31

100–160 9 12 56 32 1.24 Silt loam 0.32
160–240 12 16 65 19 1.37 Silt loam 0.20
240–320 12 12 53 35 0.42 Silt loam 0.31
320–360 6 10 59 31 0.58 Silt loam 0.40
360–520 24 15 68 17 2.88 Silt loam 0.21
520–610 15 5 27 68 0.55 Sandy loam 0.61
610–650 12 4 22 74 0.53 Loamy sand 0.75
650–750 15 10 50 40 1.78 Silt loam 0.33
750–900 24 5 18 77 0.2 Loamy sand 0.80

2.2. Water Sample Collection

Samples of reclaimed water, river water, interstitial water and groundwater were collected during
the study period. Reclaimed water samples were directly collected from the conveyance pipeline, and
were collected once a month from March to December in 2014. One sampling section was selected to
investigate the water quality of the Qingyang River (Figure 1). River water samples were collected
about 50 cm below the water surface in the sampling section. Additionally, sediment samples were
collected for interstitial water using a sampling tube (made of cylindrical polyethylene, with a length
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of 100 cm, and the diameter of 4 cm). The sampling points were chosen in the top 30 cm layer of the
riverbed sediment in the riverbed close to the sampling section. The interstitial water was collected in
the summer months (from July to September) and the winter months (from November to December)
in 2014. A total of 15 sediment samples for interstitial water were taken in the riverbed during the
sampling period. The mixture of samples at different locations was used as the final sediment samples
for the same sampling time. Prior to analysis, water in the sediment was isolated in a laboratory via
centrifuging and filtering for NO3-N and COD. Water samples in the sediment for NH4-N analysis
were obtained just by the vibration and filtering process.

Three groundwater sampling wells were prepared at the sampling section (see Figure 3). Sampling
wells 1 (SW1), 2 (SW2), and 3 (SW3) were located approximately 2.5, 7.5, and 13 m from the riverbank,
respectively (Figure 3). Each of the wells had a diameter of 0.2 m and screened along their full
length, and was installed with multilayer samplers, which were used to collect groundwater samples.
The multilayer samplers consisted of ceramic cups connected to sample bottles via Polyvinyl chloride
tubing with a diameter of 5 cm. The porous ceramic cups were buried at different depths in the
sampling wells. Firstly, negative pressure inside the sampling bottle was created by a vacuum pump.
Then, the negative pressure inside the sampling bottle caused water flow from the soil to a sampling
bottle. Clusters of ceramic cups were set at the depths of 3, 4, 5, 6, 7, and 8 m in SW1 and 4, 5, 6, 7, 8,
and 9 m in SW2 (see Figure 3). The diameter of SW3 was 20 cm and water samples were collected from
the groundwater surface directly via a sampling bottle. River and groundwater samples were collected
two to three times a month from September to December in 2013, and from March to December in 2014
and 2015, respectively.

The temperatures of the river water, interstitial water and groundwater was measured by
a thermocouple sensor. The thermocouple sensors were installed at different depths in the sampling
wells (SW1 and SW2). The groundwater temperature in SW1 (at the depths of 5, 7 and 8 m) and SW2
(at the depths of 4, 5, 6, 7, 8 and 9 m) were measured on site using the thermocouple sensors and
recorded every 15 min with a CR3000 data logger (Campbell Scientific Australia, Garbutt, Australia)
from September to December in 2013 and from March to December in 2014.

2.3. Water Quality Analysis

Water samples were transported and kept at 4 ◦C during shipping and storage. Reclaimed
water, river water, interstitial water and groundwater samples were analyzed for NO3-N, NH4-N,
and chemical oxygen demand (COD), pH, electrical conductivity (EC), and dissolved oxygen (DO).
All samples were filtered by membrane filter (pore size 0.2 µm, H9059, Heng Odd, Beijing, China)
prior to analysis. Concentrations of NO3-N and NH4-N were measured colorimetrically using
a spectrophotometer (JH756 UV/Vis spectrophotometer, Shanghai, China). COD was analyzed using
the spectrophotometer method (DR/2400 spectrophotometer, Loveland, CO, USA) [31]. DO in the
water was measured on site with a Sension6 dissolved oxygen meter (Dr. Lange, Berlin, Germany).
The pH was measured by a pH meter (PHB-4, Rex, Shanghai, China) at field condition. EC was
measured by an electrical conductivity meter (DDS-307, Rex, Shanghai, China). The on-site parameter
temperature, pH, and DO were detected during sampling. The removal efficiency for each pollutant is
expressed as the concentration difference between different locations, e.g., the concentration difference
between surface water and interstitial water, surface water and groundwater.

2.4. Statistical Analysis

With the statistical analysis, the concentration values of the water quality parameters below the
detection limit (NH4-N, 0.05 mg/L, NO3-N, 2 mg/L, COD, 5 mg/L) were treated as the values of
the detection limit. Statistical analysis was performed using the non-parametric test with SPSS 18.0
(SPSS Inc., Chicago, IL, USA). The Kruskal–Wallis test (unpaired) was used to determine whether
differences existed among parameter concentrations at different sampling locations. A significant



Water 2018, 10, 491 6 of 16

difference (p < 0.05) in the p-value indicates a change in parameter concentration at different locations,
whereas no significant difference among the data sets was found for cases where p ≥ 0.05.

3. Results and Discussion

3.1. Groundwater Flow Conditions

Figure 4 shows the changing pattern of river water and groundwater temperature from
25 September to 15 October 2014. As shown in Figure 4, the river water temperature decreased with
time, corresponding to the air temperature from September to October. The groundwater temperature
was much lower than the river water in this period, and the groundwater temperature decreased with
the increased depth in the same sampling well. The groundwater temperature varied sinusoidally with
time, which was similar to that of the river water temperature (see Figure 4), indicating groundwater
recharge from the river.

The infiltration rate was estimated about 6.6 m3/(day·m), using the stable seepage from river
equation [32]:

q = k (B + Ah) (1)

where q is the infiltration rate per unit river channel (m3/(day·m)); k is the permeability coefficient of the
river bank (m/day), k = 0.31 m/d; B is the river width (m), B = 17 m; h is the river depth (m), h = 1.7 m;
and A is the dimensionless coefficient, A = 2.5, which is estimated using groundwater dynamics.

The travel time of the flow path was estimated using groundwater levels obtained from the
observation wells. The travel time was around 3, 10 and 30 days from river to groundwater well SW1,
SW2 and SW3, respectively.

Figure 4. River water temperature and groundwater temperature from 25 September to 15 October
2014 at the depths of 7 and 8 m of sampling well 1 (SW1-7 m and SW1-8 m), and at the depths of 8 and
9 m of sampling well 2 (SW2-8 m and SW2-9 m).

3.2. Attenuation of Nitrogen and COD through the RBF System

3.2.1. Water Quality of River Water and Reclaimed Water

The concentration of NO3-N, NH4-N, COD, total phosphorus (TP) and total nitrogen (TN) in
the reclaimed water and river water is shown in Table 2. The results indicate that the river water
quality was obviously affected by reclaimed water. As shown in Figure 5, the concentration of NO3-N,
NH4-N and COD in the river water changed with the seasons. The NO3-N concentration in summer
(10.8 mg/L) was lower than that (13.9 mg/L) in winter. A similar variation trend was found in the
NH4-N concentration, 0.4 mg/L in summer and 0.5 mg/L in winter, and in the COD concentration,
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15.7 mg/L in summer and 25.8 mg/L in winter. The difference in river water quality between summer
and winter was attributed to the reclaimed water quality.

Table 2. Water quality of river water and reclaimed water in 2014.

Parameters Date NO3-N (mg/L) NH4-N (mg/L) COD (mg/L) TP (mg/L) TN (mg/L)

Concentration
(River water)

14 March 13.6 0.3 22.8 - -
14 April 9.5 0.3 22.5 0.2 16.6
14 May 8.3 0.5 26.3 0.7 13.4
14 June 10.4 0.4 16.9 0.1 14.1
14 July 11.4 0.3 14.9 0.1 13.4

14 August 14.5 0.3 15.7 0.1 15.1
14 September 14.5 0.4 21.0 0.1 13.2

14 October 14.6 0.2 25.7 0.1 14.3
14 November 17.8 0.3 32.5 - 12.5
14 December 12.4 0.4 38.5 - -

Concentration
(Reclaimed water)

14 March - - - - -
14 April 14.8 0.2 19.6 0.5 12.2
14 May 12.5 0.4 20.6 1.0 9.0
14 June 11.4 0.2 18.9 0.3 11.1
14 July 12.8 0.2 11.6 0.3 10.6

14 August 15.9 0.1 9.1 0.1 13.0
14 September 14.9 0.3 11.6 0.1 12.5

14 October 15.6 0.1 12.6 0.4 14.3
14 November 18.9 0.2 18.5 - 11.8
14 December - - - - -

Note: - means no data.

Figure 5. Mean temperature (a), NO3-N (b), NH4-N (c), and chemical oxygen demand (COD) (d),
in river water, interstitial water and shallow groundwater in the three sampling wells (SW1, SW2, SW3)
for the summer (n = 15) and winter months (n = 15) of 2014.

3.2.2. Removal of NO3-N

The NO3-N, NH4-N and COD concentrations in the interstitial water and groundwater during
summer and winter of 2014 are presented in Figure 5. Seasonal time periods for the site were defined
as periods of uniform temperature during the summer and winter months. As shown in Figure 5b,
the NO3-N concentrations decreased significantly from 10.8 mg/L in the river water to 0.7 mg/L in the
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interstitial water during the summer, and from 13.9 to 2.9 mg/L during the winter. Correspondingly,
93% and 79% of NO3-N was removed during the infiltration of river water into sediment during
summer and winter, respectively. Similarly, the DO was almost completely consumed in the sediment,
dropping to <1 mg/L during infiltration. This result is consistent with that of Tufenkji et al. [33],
who found that the concentrations of dissolved oxygen are highest in the overlying river water
and decrease with depth in the sediment. Meanwhile, the decrease in the NO3-N concentration
of interstitial water to <2 mg/L (Figure 5b) indicates anoxic or even anaerobic conditions with
considerable consumption of DO.

NO3-N is highly soluble and easily transported from river water to the underlying sediment.
In terms of a mass balance, according to Metcalf and Eddy [34], 1 g of DO is consumed as the electron
acceptor for removing one gram of COD. In fact, the consumed DO along the infiltrating path was
not enough for the removal of COD according to the mass balance. DO only accounted for around
37% of the total electron acceptor needed by COD removal during infiltration from the river to the
groundwater. Thus, other electron acceptors were required in addition to oxygen. As previously
discussed, most of the NO3-N was consumed within the riverbed sediment. DO concentration
increased from the sediment to the groundwater, indicating that NO3-N was continuously consumed
as the electron acceptor in the sediment zone. While the increase of NO3-N during the infiltration in the
zone of river bank was due to nitrification, which was proved by the reduction of NH4-N concentration
with a DO concentration higher than 2 mg/L. During this process, the NO3-N could act as the electron
acceptor and denitrification was the main process for NO3-N removal in the sediment [35], leading to
a higher NO3-N removal efficiency. The results suggest that the sediment is an effective barrier against
NO3-N when river water recharges the groundwater.

The average temperature of the river and interstitial water in the Qingyang River was about
30 and 28 ◦C during the summer, and 3.5 and 8.7 ◦C, in the winter, respectively (Figure 5a). Although
the NO3-N concentrations in river water were considerably lower during the summer than in the
winter, the NO3-N removal efficiency through the filtration of sediment was higher in summer than
in winter. This can probably be attributed to the temperature variation. Nonetheless, denitrification
processes can occur anywhere in the range of 2–50 ◦C [36], and possibly beyond. Therefore, NO3-N
might also be removed at relatively low temperatures (5 ± 5 ◦C) in wintertime, because bacteria may
have evolved to cope with the specific environmental conditions of our study area.

The average NO3-N concentrations at different sampling points were significantly different,
with p = 0.001. The average NO3-N concentrations in the sampling wells were significantly higher
than in the interstitial water (p < 0.05), but significantly lower than concentrations in the river water
(p < 0.05) (Figure 5b). During the summer months, NO3-N increased from 0.7 mg/L in interstitial
water to 4.0 mg/L in the shallow groundwater from SW1 and maintained similar values at subsequent
sampling wells (i.e., 5.6 mg/L in SW2 and 3.2 mg/L in SW3).

During the infiltration of river water to shallow groundwater, the NO3-N removal efficiency was
approximately 62% in SW1, 47% in SW2, and 69% in SW3. A similar pattern occurred during the winter
where the removal efficiency of NO3-N in SW1, SW2, and SW3 were 59%, 57%, and 67%, respectively.
The average concentration of DO increased from 0.9 mg/L in the interstitial water to >3.0 mg/L in
the surface of shallow groundwater, indicating that the reduction environment was relatively weak at
the interface of the unsaturated zone and groundwater, which was also unfavorable to denitrification.
In general, denitrification was promoted only when the concentration of DO fell below a certain
low threshold (i.e., <1 mg/L and perhaps <2 mg/L) [37,38]. Therefore, the denitrification rates were
reduced on the surface of the shallow groundwater, where DO concentrations exceeded 2 mg/L,
leading to the increase of NO3-N in the shallow groundwater compared to that of the interstitial
water. Nitrification occurred as the water flowed from the sediment to the shallow aquifer, resulting in
an increase in NO3-N in the groundwater compared to that in the interstitial water. Correspondingly,
as shown in Figure 5c, the NH4-N concentration was found to decrease during infiltration from the
sediment to the groundwater, indicating that NH4-N was transformed into NO3-N. Additionally,
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the mineralization of organic nitrogen in the soil might be partly responsible for the NO3-N increase in
the shallow groundwater.

3.2.3. Removal of NH4-N

The average NH4-N concentrations in the interstitial water were significantly higher than those
in the river water and shallow groundwater (p < 0.0.5) (Figure 5c). Specifically, the concentration of
NH4-N was 0.4 mg/L (during summer) and 0.49 mg/L (during winter) in the river water, and as much
as 2.1 mg/L (during summer) and 0.63 mg/L (during winter) in the interstitial water, corresponding
to increases of around 425% and 28% in summer and winter, respectively. The relatively high content
of clay (25%) and organic matter (1.2%) in the sediment in Qingyang River resulted in a relatively large
sediment adsorption capacity. Clay containing abundant organic matter has a high cation-exchange
capacity, causing a reduced NH4-N releasing flux from the sediment to the river water. In general,
NH4-N can accumulate in organic-rich sediment under anaerobic conditions through ammonification
by heterotrophic bacteria [39–41]. Additionally, nitrification was inhibited in a reduction condition,
as the DO concentration in the interstitial water decreased to lower than 1 mg/L. The measurement
might be influenced by random error due to limitations of the sampling/analytical procedure.

The average NH4-N concentrations decreased from 2 (in interstitial water) to 0.1 mg/L
(in groundwater) during the summer and from 0.6 to 0.08 mg/L during the winter. As shown in
Figure 5c, there was no obvious difference in NH4-N concentrations observed among the three
sampling wells. Approximately 95% of the NH4-N was removed as water passed through the sediment
to the shallow groundwater during the summer and 88% during the winter. The NH4-N consumption
was attributed to a combination of adsorption and a subsequent nitrification process, converting
NH4-N to NO3-N [42], when DO concentrations are higher than 2 mg/L. The nitrification process may
partly account for the NO3-N increase in the shallow groundwater. The result was consistent with
that of Essandoh et al. [37] who found that nitrification yielded high concentrations of NO3-N in the
effluents during a soil column study.

3.2.4. Removal of COD

Average summertime and wintertime COD concentrations in the river water and shallow
groundwater are presented in Figure 5d (note that the interstitial water samples were insufficient
for COD analysis). In summer, the average COD concentration in the river water was 15.7 mg/L,
decreasing to 8.3 mg/L in the shallow groundwater SW1, with a removal efficiency of 47%. In winter,
the average COD concentration decreased from 25.5 to 15.3 mg/L, with a removal efficiency of 40%.
The attenuation of organic compounds (as a major driver for COD) was primarily attributed to the
combined effects of microbial biodegradation and adsorption onto sediments [43–45]. The COD
concentrations continued to decrease in the shallow groundwater with increasing distance from the
riverbank (from SW1 to SW3). The COD concentration in SW3 decreased to 4.3 mg/L in summer
and 9.2 mg/L in winter. This indicates a 72.6% and 64.2% removal efficiency for summer and winter,
respectively. These results are similar to those of Maeng et al. [23], who found that the removal
efficiency of organic matter during bank filtration increased with residence times and travel distances.
Lenk et al. [46] also demonstrated that organic matter concentrations are inversely correlated with
residence times and travel distances in bank filtration sites. The COD removal efficiency was slightly
higher in the summer than in the winter, which was attributed to higher temperatures, improving
microbial biological activity. These results also suggest that organics can be removed at temperatures
lower than 12 ◦C. The result is consistent with that of Abel et al. [25] who reported that the cut-off
temperature to slow down or inhibit microbial activity on the attenuation of organics in soil–water
systems is 5 ◦C.
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3.3. Temporal Variations of Nitrogen and COD in Groundwater

The temporal variation of the NO3-N concentration in groundwater at depths of 5, 7, and 9 m in
SW2 in 2014 is shown in Figure 6a. The variation of the NO3-N concentrations in the groundwater
over time was similar to the river water concentrations. The NO3-N concentrations in the groundwater
varied obviously over the sampling period. The lowest groundwater NO3-N concentrations occurred
during the summer, from June to September, whereas the NO3-N concentration was relatively high
during the period from March to April and from November to December. The seasonal difference
in NO3-N concentration was highly dependent on denitrification, indicating that the variation of
groundwater temperature was one of the important factors affecting denitrification. The groundwater
temperature at different sampling depths varied from 8 to 26 ◦C during the experiment period
(Figure 6d). High temperatures promote biological reaction (denitrification) rates and the rate of
oxygen consumption [47]. Oxygen depletion through microbial activity, coupled with decreased
oxygen solubility in warmer water, led to reductive conditions that were favorable to denitrification
in the RBF system during the summer [20,47]. Higher temperatures and corresponding reductive
conditions resulted in greater NO3-N removal during the summer than during the winter in the
groundwater environment. The increase in denitrification with increasing temperature has been
previously reported. Saunders and Kalff [48] reported that a 5 ◦C increase in temperature results
in a ten-fold increase in the denitrification rate. In this study, as shown in Figure 7, the NO3-N
removal efficiency increased with the groundwater temperature at an exponential function with the
determination values (R2) 0.744, 0.811, and 0.564, at depths of 5, 7, and 9 m, respectively.

Figure 6. Temporal variations in average NO3-N (a), NH4-N (b), chemical oxygen demand (COD) (c)
and temperature (d), in river water and groundwater at depths of 5, 7, and 9 m of SW2 in 2014.

Figure 6b depicts the temporal variation of NH4-N concentrations in the groundwater in 2014.
The NH4-N concentrations in the groundwater varied widely over the sampling period. The NH4-N
concentration increased from March to May at 5 and 9 m depth, with a temperature range from 8–16 ◦C
(Figure 6b,d). The NH4-N concentration at 7 m depth increased from 0.35 mg/L in March to 0.64 mg/L
in June, which exceeded the drinking water standard (<0.5 mg/L in China). This suggests that the
NH4-N concentration in groundwater increased with groundwater temperature when the groundwater
temperature was from 8–16 ◦C. The increase in the NH4-N concentration was mainly attributed to
the mineralization of organic nitrogen. The increase in temperature enhanced the mineralization
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potential [25]. Several field studies [49–51] also found that NH4-N originated from degrading in situ
organic matter in the soil.

Figure 7. The relationship between NO3-N removal efficiency and groundwater temperature.

The ammonium concentration began to decline in July at three sampling depths with groundwater
temperatures within a range of 20–26 ◦C (Figure 6b). In general, nitrification is unlikely to occur in the
saturated zone with an anaerobic environment. Therefore, the decrease of NH4-N in the groundwater
may be attributed to the dissociation of NH4-N to ammonia. Li et al. [52] found that NH4-N can
deprotonate to ammonia in conditions with a pH value larger than 6, and the ammonia product can
degas, particularly with water temperatures in a range of 19–27 ◦C. In this study, the pH range was
from 6.7 to 8.1 in the groundwater. Under such conditions, NH4-N is likely to be degassed by a reaction
of NH4

+ (aq)–NH3 (aq)–NH3 (g) and emitted from the groundwater to the unsaturated pore space [53].
However, the NH4-N in the groundwater cannot be depleted completely, which is possibly explained
by a release of NH4-N from organic material that balances the loss of ammonia.

The temporal variation of COD concentrations is presented in Figure 6c. The COD concentrations
varied with time and showed similar variation trends at different depths. The COD concentration range
was between 5.0–22.0 mg/L for three depths, which was always lower than that in the river water,
which had a range of 12.8–38.5 mg/L. As shown in Figure 6c,d, the groundwater temperature varied
from 8.5–26.4 ◦C and it did not show a significant influence on the variation of COD concentration.
In contrast, Abel et al. [25] carried out a laboratory experiment and found that the dissolved oxygen
carbon removal increased by 10% for every 5 ◦C increase in temperature over a range of 15–25 ◦C,
whereas Hoppe-Jones et al. [24] reported that the total organic carbon concentration in the monitoring
well of a RBF system was independent of season, with temperatures varying from 7–19 ◦C. Possemiers
et al. [54] also found that temperature had hardly any effect on organic matter in groundwater when
the groundwater temperature change was lower than 15 ◦C. In this study, the results indicate that
there was no seasonal variation in COD concentration when the temperature difference was around
18 ◦C, that is, when the groundwater temperature varied from 8.5–26.5 ◦C.

3.4. Vertical Distribution of Nitrogen and COD

Figure 8 shows the average annual NO3-N, NH4-N and COD concentrations in the groundwater
at depths of 4–9 m during the three year period. The vertical distribution of the NO3-N concentration
in 2014 was higher than in the other two experimental years due to the relatively high NO3-N
concentration in river water. The NO3-N concentration decreased with depth in the saturated zone
(Figure 8a). At 9 m depth, the NO3-N concentration was 1.1, 1.3, and 0.4 mg/L in 2013, 2014, and 2015,
respectively. These values are much lower than the threshold for the quality standard of drinking
water (10 mg/L for China). It should be noted that NO3-N removal by denitrification mainly occurred
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at depths of 4–7 m for three years. Variations of NO3-N concentration at different depths are related
to the corresponding soil textures. As shown in Table 1, the soil texture at the depths of 3.6–5.2 m
and 6.5–7.5 m is silt loam, which causes a full denitrification process with lower saturated hydraulic
conductivity and longer hydraulic retention time. The relatively high organic content (Table 1) at
depths of 3.6–5.2 m and 6.5–7.5 m also resulted in an obvious NO3-N reduction in the saturated zone.
This is consistent with the previous findings of Krause et al. [55] and Barnes et al. [56], who indicated
that the denitrification rates and NO3-N concentrations are related to the availability of oxidizable
labile organic carbon.

Figure 8. Vertical distributions of annual mean NO3-N (a), NH4-N (b) and chemical oxygen demand
(COD) (c), in the groundwater in 2013, 2014 and 2015.

As shown in Figure 8b, the average NH4-N concentration varied with depth in the saturated zone.
The NH4-N concentration profiles presented a similar change pattern for the three years. The NH4-N
concentration in 2013 was higher than the other years, which was probably due to the relatively high
NH4-N concentration in river water. A relatively high NH4-N concentration can be found at depths
of 6–7 m. This may be attributed to the mineralization of organic nitrogen. As shown in Table 1,
the relatively large amounts of organic contents found in the saturated zone at depths of 6.5–7.5 m
may have led to the increase in NH4-N concentration. A similar result was found by Jiao et al. [50],
who reported that the large amount of total organic carbon in the aquitard is favorable for organic
nitrogen mineralization. They also found that organic nitrogen can convert to NH4-N in the aquitard.
The results showed that the soil texture and organic contents varied at different depths, leading to
variations of NH4-N concentration with depth in the saturated zones.

The average annual vertical distribution of the COD concentration in 2013 and 2014 is presented
in Figure 8c. The COD concentration decreased with depth from 14.7 mg/L at 4 m to 8.6 mg/L
at 9 m in 2013, and from 13.5 mg/L at 4 m to 7.6 mg/L at 9 m in 2014. Compared with the river
water, a removal efficiency of 58.6% in 2013 and 54.6% in 2014 was found for COD at 9 m through
the RBF system. Possible mechanisms for COD removal include adsorption and biodegradation
during river bank filtration [25,57]. These results suggest that the RBF system is effective in COD
reduction. Previous laboratory and field studies [37,57,58] have reported similar results. For example,
Wang et al. [59] found that about 48–51% of the COD was removed in a laboratory column experiment.
In this study, in the upper part of the shallow groundwater, the COD concentration increased slightly
from 4 to 5 m. The COD concentration decreased with depth in the saturated zone (from 5 to 9 m).
Different variations were attributed to the variable redox conditions under various hydrogeochemical



Water 2018, 10, 491 13 of 16

environments. This implies that further study is required to investigate the oxidation-reduction
potential at different depths in the saturated zone in this study area.

4. Conclusions

Three-year field datasets were collected and analyzed to investigate the effect of RBF on the
removal of the nitrogen and organic contaminants in the Qingyang River of Beijing. The following
conclusions can be drawn:

(1) The seasonal variation exhibited an improved attenuation between winter and summer
operations. A high NO3-N removal efficiency (85%) was obtained through RBF at high temperatures
(27 ◦C) during the summer season in Beijing.

(2) An average 54% of COD was removed through RBF. Temperature does not show a significant
effect on COD removal by the RBF, whereas COD removal increases with the retention time and/or
travel distance in the RBF system.

(3) The study indicates that the RBF system is an effective barrier removing NO3-N, NH4-N
and COD in the Qingyang River. As the river was refilled with reclaimed waste water, the potential
contamination risk of NO3-N and COD for the shallow groundwater near the Qingyang River was
relatively low during the monitoring period. However, long-term field observations and assessments
of the RBF performance are needed to consider the safe reuse of reclaimed waste water in rivers
for managed aquifer recharge. These should also include other variables such as micropollutants,
the importance of travel time and general groundwater flow conditions.
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