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Abstract: Compound-specific isotopic analysis (CSIA) and geochemical modeling were applied to
evaluate the effectiveness of an 800 m-long sequential in situ bioremediation (ISB) system in Northern
Italy. The system was created for the clean-up of a polluted aquifer affected by chloroethenes. A
hydraulically upgradient anaerobic (AN)-biobarrier-stimulated reductive dichlorination (RD) of
higher chloroethenes (PCE, TCE) and a downgradient aerobic (AE)-biobarrier-stimulated oxidation
(OX) of lower chloroethenes (DCE, VC) were proposed. Carbon CSIA and concentration data were
collected for PCE, TCE, cis-DCE and VC and interpreted using a reactive transport model that was
able to simulate isotopic fractionation. The analysis suggested that the combination of CSIA and
modeling was critical to evaluate the efficiency of sequential ISBs for the remediation of chloroethenes.
It was found that the sequential ISB could reduce the PCE, TCE and cis-DCE concentrations by >99%
and VC concentrations by >84% along the flow path. First-order RD degradation rate constants
(kRD) increased by 30 times (from kRD = 0.2–0.3 y−1 up to kRD = 6.5 y−1) downgradient of the
AN barrier. For cis-DCE and VC, the AE barrier had a fundamental role to enhance OX. First-
order OX degradation rate constants (kOX) ranged between kOX = 0.7–155 y−1 for cis-DCE and
kOX = 1.7–12.6 y−1 for VC.

Keywords: chloroethenes; enhanced bioremediation; anaerobic organohalide respiration; aerobic
oxidative biodegradation; landfill; compound-specific stable isotope analysis; reactive transport
model; PHREEQC

1. Introduction

In situ bioremediation (ISB) is an effective solution for the treatment of polluted waters
directly in the aquifer [1–4]. ISB relies on the control of microbially mediated reactions
that affect the stability of organic pollutants, such as chloroethenes, in soils. Metabolic and
co-metabolic processes concur to transform organic waste into harmless compounds, such
as biomass, CO2 or CH4 [5].

A potential limitation of ISB is that typical systems are tuned to stimulate one spe-
cific type of biodegradation, i.e., either reductive dechlorination (RD) or oxidative degra-
dation (OX) [3]. However, whilst higher chlorinated ethenes (tetrachloroethene (PCE)
and trichloroethene (TCE)) are better degraded through RD, lower chlorinated ethenes
(dichloroethene (DCE) and vinyl chloride (VC)) are instead recalcitrant to RD and more
easily degraded through OX. As DCE and VC are “daughter” products of the RD of the
“parent” species PCE and TCE, they tend to accumulate in aquifers if only RD is stimulated.
The accumulation of VC is particularly problematic since it is a known human cancerogenic
compound with greater toxicity than the other chloroethenes [6].

“Sequential” ISB [3,7–9] was proposed to attain complete degradation of all chloroethenes,
circumventing the limitation of a “single” ISB system. The design of a sequential ISB
system involves two “biobarriers”. A hydraulically upgradient biobarrier is designed to
attain anaerobic conditions, favoring RD. The byproducts of RD are transported toward a
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downgradient biobarrier, which stimulates OX. This combined approach aims at achieving
complete dechlorination of all chloroethenes, reducing the likelihood of accumulating
undesired intermediate products, particularly VC.

Despite having been idealized several years ago, only a few documented operational-
scale sequential ISBs have been presented so far [3]. From a hydrogeological perspective,
this may be partly linked to two reasons.

1. Lack of model-based analyses of sequential ISBs. Mathematical models are particularly
important to provide quantitative support for decision makers [4,10–14]. As the use-
fulness of mathematical tools was already demonstrated for single ISBs [14–17], we
maintain that such models could also be fundamental for the correct design and im-
plementation of sequential ISBs. While coupled biogeochemical and hydrogeological
modeling was traditionally computationally prohibitive, we highlight that modern
workstations have considerably alleviated the computational burden and multiple
open-source codes are now available [18] to efficiently reproduce the main processes
involved in an ISB. Moreover, in most bioremediation studies, one-dimensional (1-D)
reactive transport models (RTMs) are utilized, i.e., solute transport models that couple
1-D flow dynamics and geochemical processes [18]. Such models are useful to iden-
tify geochemical processes that occur along individual flow paths [19], limiting the
computational demand compared with more challenging multidimensional models.

2. Lack of studies applying compound-specific isotope analysis (CSIA) to sequential ISBs. In
the presence of organic compounds that undergo parent–daughter reaction chains,
transformation reactions produce an enrichment of heavy isotopes in the parent
compound and the formation of isotopically lighter products [20]. The combined
use of compound-specific carbon isotope analysis (C-CSIA) and concentration data
can provide a more complete and precise evaluation of the biodegradation processes
occurring at a site than the analysis of concentration data alone [15,21]. Therefore, the
use of CSIA could be highly valuable for the evaluation of sequential ISBs. For instance,
it could help to detect the occurrence of anaerobic or aerobic degradation; evaluate
potentially interfering mechanisms, such as the mixing of waters undergoing different
degradation pathways; or provide constraints for the development of mathematical
models [15].

This work presents and analyses the results of multiyear monitoring of an 800 m-long
sequential ISB system in Italy. This ISB system was created for the cleanup of an alluvial
aquifer that was severely contaminated by a plume of PCE and byproducts that originated
from an old industrial landfill. After several years of small-scale experimental activities
on and off site [22], a full-scale sequential ISB was installed. It is currently Italy’s largest
sequential ISB, and arguably the largest-scale facility of the world of this kind. The goal
of this work was to improve the current state-of-the-art regarding the use of advanced
characterization and modeling tools, mainly through the evaluation of concentration time
series, CSIA data and RTM to gain insight into the effectiveness of the sequential ISB system,
identifying processes and quantifying reaction rates occurring at the site.

2. Materials and Methods
2.1. Background Information

The polluted aquifer object of this study is located in Northern Italy, in the proximity
of a lagoon (Figure 1a). The ground level is below the sea level (between −0.3 m and
−1 m a.s.l.). The site is bounded by the lagoon to the south and by an agricultural land
reclamation canal (ALRC) to the north. The ALRC is an artificial drainage system that
permits the reclamation of the land between the lagoon and the ALRC itself.



Pollutants 2022, 2 464

Pollutants 2022, 2, FOR PEER REVIEW 3 
 

 

2. Materials and Methods 
2.1. Background Information 

The polluted aquifer object of this study is located in Northern Italy, in the proximity 
of a lagoon (Figure 1a). The ground level is below the sea level (between −0.3 m and −1 m 
a.s.l.). The site is bounded by the lagoon to the south and by an agricultural land 
reclamation canal (ALRC) to the north. The ALRC is an artificial drainage system that 
permits the reclamation of the land between the lagoon and the ALRC itself. 

 
Figure 1. (a) Map of the study area, showing the landfill (lilac area) and the position of the ISB 
systems (AN—anaerobic barrier, AE—aerobic barrier) and the five boreholes utilized in the 
analysis. The wells of the P&T system are represented as purple dots. (b) Schematic geological cross-
section of the study area (corresponding to the A–A’ trace indicated in (a)), highlighting the top 
aquifer (first 10–12 m from the ground surface). The vertical axis represents the topographic 
elevation above sea level (a.s.l.). The blue arrows indicate the groundwater flow direction, which 
was oriented from the lagoon in the southeast to the agricultural land reclamation canal (ALRC) in 
the northwest. (c) Conceptual scheme of the PHREEQC model, highlighting the three reactive zones 
defined by the corresponding cell intervals. In RZ1 and RZ2, reactions were mainly controlled by 
reductive dechlorination (RD), while in RZ3, oxidation (OX) prevailed. 

Figure 1. (a) Map of the study area, showing the landfill (lilac area) and the position of the ISB systems
(AN—anaerobic barrier, AE—aerobic barrier) and the five boreholes utilized in the analysis. The wells
of the P&T system are represented as purple dots. (b) Schematic geological cross-section of the study
area (corresponding to the A–A’ trace indicated in (a)), highlighting the top aquifer (first 10–12 m
from the ground surface). The vertical axis represents the topographic elevation above sea level
(a.s.l.). The blue arrows indicate the groundwater flow direction, which was oriented from the lagoon
in the southeast to the agricultural land reclamation canal (ALRC) in the northwest. (c) Conceptual
scheme of the PHREEQC model, highlighting the three reactive zones defined by the corresponding
cell intervals. In RZ1 and RZ2, reactions were mainly controlled by reductive dechlorination (RD),
while in RZ3, oxidation (OX) prevailed.

Geologically, the subsurface is characterized by stratified alluvial deposits composed
of alternated sandy and silty clay layers (Figure 1b). From the ground surface down to
about 9–12 m depth, silty fine sand and sandy silt with rare medium sand lenses form the
shallow aquifer, which is capped by a surficial layer of silty clays and clayey silts up to
3 m thick. The low permeability layer is locally absent, making the aquifer unconfined or
semi-confined based on the spatial continuity of such layer. The geological configuration is
similar to that of other adjacent sites described by [23–25].
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The contaminated part of the aquifer is limited to the top 12 m from the ground
surface. Here, groundwater flows from the lagoon to the ALRC, crossing a former industrial
landfill that is responsible for contamination via aromatic hydrocarbons and chloroethenes.
Although the landfill was closed in the 1970s, the solute plume was detected for the first
time only in 2001. To date, the landfill keeps releasing contaminants into the groundwaters,
which exceed the maximum contaminant levels (MCL) established by the Italian law for
PCE and its degradation products.

The first characterization and monitoring that led to the installation of the ISB started in
2014 when microbiological laboratory analyses and in situ biodegradation tests were carried
out. These investigations are described in detail by Casiraghi et al. [22] and unpublished
reports, from which we extracted the following key information.

1. Initial microbiological molecular surveys detected the presence of organohalide-
respiring bacteria Dehalobacter restrictus and Dehalococcoides ethenogenes on site, demon-
strating the potential of the site to sustain RD of chloroethenes. Dehalobacter restrictus
is known to dechlorinate highly chlorinated compounds, such as PCE and TCE [26].
Dehalococcoides ethenogenes can also transform less chlorinated compounds, such as
DCE and VC to ethene [26].

2. However, anaerobic and aerobic microcosms suggested that natural biodegradation
was insufficient to achieve a reduction in concentrations of PCE and its degradation
products below the Italian MCL. The addition of reducing substrates in anaerobic
microcosms and nutrients containing N and P in aerobic microcosms showed that
stimulated biodegradation was much more effective, leading to concentrations that
were generally below the MCL.

3. Pilot-scale in situ biodegradation tests confirmed the laboratory results. On-site tests
demonstrated that a sequential anaerobic and aerobic treatment could attain a high
degradation efficiency of all chloroethenes under biostimulated conditions in the
field. For the most chlorinated compounds, such as PCE and TCE, the concentrations
dropped to values close to the MCLs.

4. At the end of the experimental activities, further microbiological analyses detected
the presence of “aerobic bacteria” that were able to degrade toluene, chlorobenzene,
benzene and VC. These bacteria were found within and outside the aerobic pilot
site, suggesting that natural aerobic biodegradation of organic compounds could
also occur in other parts of the site. Moreover, the abundance of such bacteria was
higher inside the pilot site, demonstrating the efficiency of the aerobic treatment in
stimulating aerobic degradation.

Based on the successful results from the experimental analyses, an operational scale
ISB was set up in 2016 (Figure 1). The ISB is composed of two biobarriers, each consisting of
numerous injection and extraction wells arranged in rows. Each set of wells covers a linear
distance of about 400 m. Hydrogeologically, the two barriers are arranged sequentially
according to their position related to the source (i.e., the landfill).

The “anaerobic” (AN) barrier (red in Figure 1) consists of 20 injection wells and
19 extraction wells and is located close to the landfill. The wells run parallel to the landfill
and serve for the extraction of groundwaters and their reinjection in the aquifer after the
addition of molasses as a biostimulating compound. The fermentation of the carbohydrates
in the molasses produces hydrogen [27], which acts as an electron donor in anaerobic
microbial activities. Dissolved oxygen is the first terminal electron acceptor (TEA) to be
consumed, followed by nitrate, manganese (IV), iron (III), sulfate and carbon dioxide. This
process of TEA consumption leads to progressively more reducing conditions in the aquifer,
promoting the RD of chloroethenes, which is most efficient under sulfate reducing and
methanogenic conditions [28]. The rate of water recirculation of the whole barrier is about
3.8 m3h−1 and the rate of substrate injection is 2.9 × 10−3 m3h−1.

The “aerobic” (AE) barrier (green color in Figure 1) is located hydraulically downgradi-
ent of the AN barrier and runs parallel to the ALRC. It consists of 39 pumping wells (19 for
water extraction and 20 for water reinjection) and 60 air-sparging wells. The extracted water
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is dosed with an organic substrate and then reinjected through the injection wells. The
average distance between neighboring wells is approximately 10 m. For each air-sparging
well, the average injected air flow rate is 2.04 m3h−1, for a total of 1.22·× 103 m3h−1 along
the whole barrier. The rate of water recirculation of the whole barrier is about 2.8 m3h−1.

The bioremediation system is coupled to a pump-and-treat (P&T) system located
downgradient of the AE barrier and parallel to the ARCL. The goal of the P&T is to abate
the residual contaminant concentrations that the ISB system did not manage to bring under
the MCL.

2.2. Hydrochemical and Isotopic Analyses

Our research focused on the monitoring activities performed bimonthly from May
2016 to January 2022 (for a total of 33 sampling campaigns) on five boreholes (Pz22, Pz13,
Pz10, 206S and AEext4 in Figure 1) lying along a hypothesized aquifer flow path (parallel
to the blue arrow in Figure 1) crossing both barriers, which was determined through
the interpretation of the aquifer hydraulic heads distribution in the site. These specific
boreholes were selected due to their positions relative to the barriers (upgradient and
downgradient), which were expected (according to the rationale of the ISB system) to
affect the concentrations and isotopic compositions of chloroethenes through stimulation
of different degradation processes. Specifically:

• Pz22 was close to the landfill and far upgradient of the AN and AE barriers. Hence,
chloroethenes concentrations and isotopic compositions at Pz22 should be representa-
tive of the source conditions.

• Pz13 was located at a distance d = 30 m from Pz22, immediately upgradient of the AN
barrier and far upgradient of the AE barrier. Hence, chloroethenes at Pz13 should be
mainly affected by natural degradation.

• Pz10 was located at d = 60 m from Pz22, immediately downgradient of the AN barrier,
but upgradient of the AE barrier. Chloroethenes at Pz10 should therefore be affected
by anaerobic biostimulation and no aerobic biostimulation was expected here.

• 206S was located at d = 164 m from Pz22, further downgradient of the AN barrier
and immediately upgradient of the AE one. Here, the transition from RD to OX of
chloroethenes took place.

• AEext4 was located at d = 200 m from Pz22, downgradient of the AE barrier and
upgradient of the P&T wells. Chloroethenes at AEext4 should be mainly affected
by OX.

At these boreholes, environmental parameters, such as pH, Eh, electric conductivity
and temperature, were measured through a multiparametric probe. Chemical parameters
were estimated in the laboratory through standardized methods. Nitrate and sulfate
(SO4) were determined with the APAT CNR IRSA 4020 Man 29 2003 method. Nitrate
concentrations remained below the detection limits for almost the totality of the sampling
campaigns (data not reported). Ammonium (NH4) was determined with the APAT CNR
IRSA 4030 A1 Man 29 2003 method. Iron (Fe) and manganese (Mn) were determined
with the EPA 6020B 2014 method. Determination of contaminant concentrations was
carried out by a laboratory that specialized in environmental analysis with headspace gas
chromatography/mass spectrometry (GC/MS) using EPA reference methods 5021A 2014
and 8260D 2018.

In January and May 2021, carbon-compound-specific isotope analysis (C-CSIA) was
carried out to determine the isotopic composition (expressed as δ13C) of PCE, TCE, cis-DCE
and VC. In January, the analyses were conducted on groundwater samples collected at
Pz22, Pz13, 206S and AEext4. In May, the analyses were repeated on the same piezometers
and also carried out at Pz10. For each sampling point, three 40 mL vials were filled without
a headspace and sealed with Teflon-lined caps. Sodium azide (NaN3) was added to each
vial as a preservative. The analyses were conducted at the Isotope Tracer Technologies
Europe (Milan, Italy) laboratory by ITEX/SPME gas chromatograph/isotope ratio mass
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spectrometry system (GC/IRMS). Laboratory standards referenced against the international
standard Vienna Pee Dee Belemnite were used for the δ13C determination.

2.3. Geochemical Model

We implemented a one-dimensional (1-D) advective–dispersive–reactive transport
model to analyze the degradation of chloroethenes in the field, focusing on the control
of the two biobarriers on the different degradation rates and isotope fractionation. To
this end, we set up a model that was able to reproduce both the concentrations and
δ13C of the chloroethenes measured in the five selected boreholes. The simulations were
conducted using PHREEQC version 3 [29], which is a widely adopted computer code that
can reproduce all the required physical and biochemical processes that occur in typical
bioremediation systems (e.g., [4,15]).

2.3.1. Reaction Network

Our model assumed that sequential RD can occur for the entire reaction chain
PCE→TCE→cis-DCE→VC, while oxidation (OX) is limited to cis-DCE and VC. Such
assumptions are in agreement with the literature since clear evidence of RD was provided
for all chloroethenes, while OX was extensively documented only for cis-DCE and VC, but
rarely for TCE and PCE [30]. For a generic species “x”, first-order degradation kinetics of
the form

Ratex = KxCx (1)

were adopted for both RD and OX. In Equation (1), Rate is the degradation rate which
represents the variation of concentration with time [M L−3 T−1], K is the kinetic rate
constant [T−1] and C is the concentration [M L−3]. During RD, one mole of the parent
product (e.g., PCE) becomes one mole of the daughter product (e.g., TCE). The final
products of cis-DCE and VC oxidation (CO2 and Cl−) were not included in the model.

To simulate carbon isotope fractionation, a bulk isotope model [15] was adopted. For
each compound of the degradation chain, couples of “light” and “heavy” C isotope species
were defined (i.e., “light” PCE and “heavy” PCE, “light” TCE and “heavy” TCE, etc.).
Degradation rates were defined for all “heavy” and “light” species for each step of the
reaction network. For instance, in the case of PCE, the degradation rate of the most
abundant “light” species, namely, PCE(l), was equal to

RatePCE(l) = KPCE CPCE(l) (2)

where KPCE is the first-order degradation constant for PCE and CPCE(l) is the concentration
of PCE(l). For the “heavy” species, namely, PCE(h), the degradation rate was defined
such that

RatePCE(h) = αKPCE CPCE(h) (3)

where α is the bulk fractionation factor of the reaction step [-] and CPCE(h) is the concentra-
tion of PCE(h). The scalar factor α (fractionation factor) accounts for the slower reaction
rate of the heavy species compared with the light one, which is usually expressed as an
isotopic enrichment factor (ε) as follows:

ε = 1000(α− 1) (4)

The concentration of each of the two isotope species is then recalculated over a specified
time interval by multiplying each of the degradation rate expressions (Equations (2) and (3))
by the interval length. The interval is imposed by the user and is calculated based on the
distance traveled by water and its velocity.

The isotopic composition of the species is then computed using

δ13CPCE =

(
RPCE

Rstandard
− 1
)
× 1000 (5)
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where δ13C is the “delta” notation conventionally used to specify isotopic compositions
[‰], RPCE is the ratio between PCE(h) and PCE(l), and Rstandard is the ratio between 13C
and 12C in the standard, which is known [31].

The whole approach (Equations (2)–(5)) was repeated to compute the δ13C of the
other “daughter” compounds formed from the dechlorination of PCE. The minimum,
mean and maximum k and ε values for each compound obtained through a literature
review are shown in Table 1. kRD values were obtained from the compilation of [32], who
considered bioremediation under monitored natural attenuation (MNA) field conditions.
kOX values were obtained from the compilation of [33]. εOX and kOX for PCE and TCE were
not considered in this study. ε values were obtained from two databases [4,34]. Further
information can be found in the Supplementary Materials.

Table 1. Statistics of the enrichment factors (ε) and first-order degradation constants (k) obtained
through a literature review. All ε values are expressed as “per mille” (‰).

PCE TCE Cis-DCE VC

Reductive Dechlorination (RD)
εRD min (‰) −7.12 −16.40 −30.50 −28.80

εRD mean (‰) −4.51 −11.65 −21.43 −24.52
εRD max (‰) −1.60 −3.30 −14.90 −19.90
kRD min (y−1) 0.00 0.00 0.00 0.00

kRD mean (y−1) 1.07 1.10 1.82 2.20
kRD max (y−1) 29.00 8.40 28.00 3.00

Oxidation (OX)
εOX min (‰) −19.90 −8.20

εOX mean (‰) −7.99 −6.06
εOX max (‰) −0.90 −3.20
kOX min (y−1) 102.57 15.70

kOX mean (y−1) 323.03 43.80
kOX max (y−1) 715.40 204.40

2.3.2. Reactive Transport Model

The reaction network described above was embedded into a 1-D transport model,
which reproduced an L = 224 m long flow path, discretized into 28 regular cells that
were 8 m wide. L covers the linear distance between the piezometers Pz22 (close to the
landfill) and AEext4 (close to the ARLC), crossing the AN and AE biobarriers. The total
simulation time was set to approximately 11 years in order to reach steady-state conditions.
A summary of the model parameters is reported in Table 2.

Table 2. PHREEQC model input parameters. TOC: total organic carbon.

Parameter Value Unit

Domain length (L ) 224 m
Tracer velocity (vnr) 0.45 m d−1

Averaged chloroethene velocity (vr) 0.10 m d−1

Longitudinal dispersivity (αL ) 22.4 m
Cell length (∆X) 8 m
Number of cells 28 -

Shifts 50 -
Time step length 80 d

Equivalent simulation time 4000 d
Cell numbers for reactive zone 1 1–7 -
Cell numbers for reactive zone 2 8–21 -
Cell numbers for reactive zone 3 22–28 -

Flow inlet/outlet boundary conditions Constant flux -
Bulk density (ρb) 1.6 g cm−3

Porosity (φ) 0.25 -
Fraction of organic carbon (f oc) 10% of TOC -
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Aquifer properties were considered homogeneous in the modeled domain. The advec-
tive velocity for a conservative (i.e., a non-reactive) tracer (vnr) was set to vnr = 0.45 m/d.
This value was derived from the already-interpreted results of a fluorescein dye tracer test
performed at the site and reported in technical documents provided by the site’s owner. The
tracer test velocity agreed with the vnr = 0.37–0.48 m/d obtained through the monitored
groundwater head levels, assuming a hydraulic conductivity K = 14 m/d (obtained from
slug tests performed on the site) and a porosity φ = 0.25 (typical value obtained from the
literature for this type of aquifer [35] Following [36], we set a coefficient of longitudinal
dispersivity αL = 0.1L, resulting in αL = 22.4 m.

Compared with a conservative tracer, the advective velocity of the reactive chloroethenes
(vr) was reduced by the effect of sorption on the porous medium. Thus, the pore water
velocity in the model was set as the retarded velocity vr and computed using

vr =
vnr

β
(6)

where β is the average retardation factor calculated from the species-specific retardation
factors βx, which are in turn calculated using (e.g., [37])

βx = 1 +
ρb
φ

K′d(x) (7)

where ρb is the bulk density of the soil [M L−3] and K′d is the distribution coefficient of the
species x. The term K′d can be calculated using

K′d = fockoc (8)

where foc is the fraction of organic carbon [-] and the species-specific koc is the partition
coefficient between organic carbon and water [L3 M−1]. We used representative values
for ρb and φ for silty sands and sandy silts, while we set foc = 1%, which was a value
obtained by considering one-tenth of the total organic carbon (TOC) measured in samples
collected in the field and estimated as TOC = 10% (v/v) [38]. Typical values for koc were
obtained from the Italian reference database for environmental health risk analysis [39].
The resulting koc and β values are listed in Table 3.

Table 3. Representative value of the partition coefficient between organic carbon and water (koc) and
retardation factors (β) for chloroethenes. β is the average retardation factor.

Chloroethene koc (cm3/g) β β

PCE 94.94 7.08

4.47
TCE 60.70 4.88

Cis-DCE 39.60 3.53
VC 21.73 2.39

As direct information regarding the composition of the landfill was missing, the flow
and solute input boundary condition was calculated from the groundwater composition at
Pz22, i.e., the closest piezometer to the landfill (Figure 1). The source released a constant
concentration of “light” and “heavy” PCE, TCE, cis-DCE and VC. The model concentrations
of light and heavy species for each chloroethene are reported in Table 4. These values were
calculated from the total concentrations and carbon isotopic ratios measured at Pz22 in
May 2021, which are also reported in Table 4 and the “Results” section.
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Table 4. Concentrations and isotopic compositions used to model the plume source in the
PHREEQC model.

Compound Concentrations (µM) δ13C (‰)

PCE tot 34.982
−58.2 ± 0.7PCE(l) 34.615

PCE(h) 0.367

TCE tot 228.137
−49.7 ± 0.3TCE(l) 225.726

TCE(h) 2.411

Cis-DCE tot 194.845
−40.3 ± 0.2Cis-DCE(l) 192.767

Cis-DCE(h) 2.078

VC tot 1568.000
−32.7 ± 0.1VC(l) 1551.135

VC(h) 16.865

The model assumed three different “reactive zones” (RZs; Figure 1c) by considering
the different biodegradation processes and the corresponding degradation kinetics expected
in the different portions of the flow path. Specifically, we defined the following:

1. Reactive zone 1 (RZ1), including model cells 1–7 and parametrized by kRD1 and εRD1.
It represented the portion of the flow path immediately upgradient of the AN barrier,
from Pz22 to between Pz13 and Pz10, where the AN barrier was located. Here, only
natural RD was expected to take place without stimulation by the AN barrier.

2. Reactive zone 2 (RZ2), including cells 8–21 and parametrized by kRD2 and εRD2. It
represented the portion of the flow path located between the AN and AE barriers
until just upgradient of the piezometer 206S. Stimulated RD was expected to take
place in this section of the flow path.

3. Reaction zone 3 (RZ3), including cells 22–28 and parametrized by kOX and εOX. It
represented the last portion of the flow path extending from 206S to the end of the
transect, which included the AE barrier and piezometer AEext4 just downgradient
of it. OX was expected to be largely stimulated by the AE barrier, while RD was not
expected to be as efficient as in the upgradient zones.

2.3.3. Model Calibration

Model calibration was carried out with a trial-and-error approach using the results of
the May 2021 campaign, which provided a complete dataset for both concentrations and
isotopic data. The weighted root-mean-square error (wRMSE) between the simulated and
observed values was used as the error metric to obtain the best-fitting model parameters.
For each species, wRMSE was calculated using

wRMSE =
1
N

√√√√ N

∑
i=1

[
wi
(
Yobsi

−Ysimi

)]2 (9)

where Yobs is either the observed concentration or δ13C, Ysim is either the simulated concen-
tration or δ13C, w is an observation-specific weight and N is the number of observations
(i = 1, . . . , N).

A total of 16 parameters were estimated during the calibration. Specifically, we
estimated the three RD parameters (kRD1, kRD2, εRD) for each of the four considered species
(PCE, TCE, cis-DCE and VC) and the two OX parameters (kOX , εOX) for cis-DCE and VC.

Two different calibration approaches were used. In the first approach (“Approach 1”),
we initially calibrated the degradation rate constants (kRD1, kRD2, kOX) by matching the
concentration data. Then, we used the best-fitted k to obtain the enrichment factors
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(εRD1, εRD2, εOX) by matching the isotopic data. In “Approach 1”, we assigned a weight
w = 1 to all observations by considering that all observations were equally reliable.

Calibrated parameters using “Approach 1” could be affected by two problems. First,
no constraints on the best-fit ε were imposed. This may lead to unrealistic enrichment
factors when compared with the typical values reported in the literature (Table 1). Second,
the third reaction zone covered 206S and AEext4. Concentrations at these piezometers may
not have exclusively depended on OX processes, but also depend on the RD processes
that took place in reactive zones RZ1 and RZ2. As such, the use of concentrations and
isotopic compositions at 206s and AEext4 for the estimation of kOX and εOX were expected
to be more uncertain than the use of concentrations and isotopic compositions at the other
piezometers for the estimation of kRD1,2 and εRD1,2. To account for the possible problems
with “Approach 1”, the second calibration approach (“Approach 2”) adopted a different
strategy. For the reaction zones RZ1 and RZ2, the degradation rate constants kRD were
calibrated by simultaneously matching concentration and isotopic data, and prioritizing
the minimization of RMSE of isotopic data rather than concentrations. The maximum and
minimum εRD values were constrained within the ranges indicated in Table 1. For RZ3,
kOX was estimated exclusively using the CSIA data. We fixed εOX according to the average,
minimum and maximum values obtained from the literature. For each εOX value, we fitted
the isotopic data by changing kOX values within the ranges indicated in Table 1. To account
for the uncertainty in the observations, in “Approach 2”, we assigned w = 0.5 to the CSIA
data in AExt4 for PCE and TCE, lacking information at 206S, and to cis-DCE and VC in RZ3,
to account for the more uncertain use of piezometers 206S and AEext4 for the estimation of
kOX and εOX . For all other observations w = 1.

A sensitivity analysis was conducted to evaluate the impact of the variation of αL
and the best-fitted kRD2 and εRD obtained using “Approach 2”. The results did not
provide further insight into the interpretation of the processes and are reported in the
Supplementary Materials.

3. Results
3.1. Hydrochemical and Isotopic Analyses
3.1.1. Concentration Data

Figure 2 shows the statistics, in the form of boxplots, of all concentration time series
that were obtained by merging the 33 available monitoring campaigns from May 2016 to
January 2022. The time series of the individual sampling campaigns can be found in the
Supplementary Materials. All horizontal axes in the plots report the distance from Pz22.

A first key observation was that while RD positively affected the biodegradation
of all species, RD was less efficient for cis-DCE and VC than for PCE and TCE. Upgra-
dient of the AN barrier (i.e., from Pz22 and Pz13), Figure 2 shows that the concentra-
tions of PCE remained constant with a median value close to 6000 µg/L, while an in-
crease in concentrations was observed for TCE, cis-DCE and VC. Across the AN barrier
(i.e., between Pz13 and Pz10), the PCE and TCE concentrations dropped from 6300 µg/L
to 470 µg/L (i.e., decreased by 92.6%) and from 50,500 µg/L to 1500 µg/L (i.e., a decrease
of 97.1%), respectively. Furthermore, the cis-DCE and VC concentrations considerably
decreased from 36,000 µg/L to 9000 µg/L (i.e., 75%) and from 149,000 µg/L to 55,000 µg/L
(i.e., 73.1%), respectively.

Moving downgradient of the AN barrier and approaching the AE barrier, the overall
degradation efficiency jumped to >99.9% for PCE, TCE and cis-DCE and to 84–91.8% for
VC. At 206S, we observed further decreases in PCE to 0.80 µg/L, TCE to 2.80 µg/L, cis-DCE
to 0.71 µg/L and VC to 12,200 µg/L. At AEext4, we found median values of 1.39 µg/L
for PCE, 11.00 µg/L for TCE, 7.55 µg/L for cis-DCE and 24,050 µg/L for VC. This meant
that the sequential ISB was highly beneficial for the removal of contaminant mass from
the aquifer.
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3.1.2. Environmental Parameters

Trends of chloroethene concentrations were consistent with the variations in Eh, iron,
manganese, sulfate and ammonium concentrations measured in the boreholes. Statistics
for Eh, iron, manganese, sulfate and ammonium concentrations are shown as boxplots in
Figure 3. The individual time series for each monitoring campaign can be found in the
Supplementary Materials. Data for pH, electrical conductivity and temperature were not
reported, as no spatiotemporal trends or remarkable seasonal variations were observed for
these parameters.

Upgradient of the AN barrier (from Pz22 to Pz13), the Eh value decreased from
−139 mV to −181 mV, while at Pz10, just downgradient of the AN barrier, a value as low
as −255 mV was reached as a consequence of the injection of the reducing substrate. The
decrease in Eh between Pz22 and Pz13 suggested that while the injection rates at the AN
barrier were very modest, the resulting radially divergent flow could have forced injected
solute to move locally upgradient and against the mean natural gradient of the aquifer.



Pollutants 2022, 2 473

Pollutants 2022, 2, FOR PEER REVIEW 12 
 

 

Upgradient of the AN barrier (from Pz22 to Pz13), the Eh value decreased from −139 
mV to −181 mV, while at Pz10, just downgradient of the AN barrier, a value as low as −255 
mV was reached as a consequence of the injection of the reducing substrate. The decrease 
in Eh between Pz22 and Pz13 suggested that while the injection rates at the AN barrier 
were very modest, the resulting radially divergent flow could have forced injected solute 
to move locally upgradient and against the mean natural gradient of the aquifer. 

Between Pz22 and Pz13, we observed an increase in median concentrations of Fe 
(from 5500 µg/L to 11,800 µg/L) and Mn (from 935 µg/L to 1360 µg/L). This trend was 
consistent with the decrease in Eh, which could mobilize Fe and Mn by dissolving iron- 
and manganese hydroxides. The decrease in Fe and Mn concentrations from Pz13 to Pz10 
(from 11,800 µg/L to 4255 µg/L for Fe and from 1360 µg/L to 686 µg/L for Mn) could be 
explained by the precipitation of Fe and Mn sulfides due to the presence of hydrogen 
sulfide produced by sulfate reduction [40–43], as observed for Eh < −200 mV in similar 
geological settings [44]. Indeed, SO4 concentrations remained relatively stable between 
Pz22 and Pz13, while they decreased significantly between Pz13 and Pz10, reaching a 
value as low as 602 mg/L. This further confirmed that sulfate-reducing conditions were 
reached at the AN barrier. 

 
Figure 3. Evolution of the oxidizing–reduction potential (expressed as Eh), iron, manganese, 
ammonium and sulfate concentrations along the transect from Pz22 to AEext4 for all available 

Figure 3. Evolution of the oxidizing–reduction potential (expressed as Eh), iron, manganese, ammo-
nium and sulfate concentrations along the transect from Pz22 to AEext4 for all available sampling
campaigns. The dotted black line connects the median values (red marks) of the different boxplots.

Between Pz22 and Pz13, we observed an increase in median concentrations of Fe
(from 5500 µg/L to 11,800 µg/L) and Mn (from 935 µg/L to 1360 µg/L). This trend was
consistent with the decrease in Eh, which could mobilize Fe and Mn by dissolving iron-
and manganese hydroxides. The decrease in Fe and Mn concentrations from Pz13 to Pz10
(from 11,800 µg/L to 4255 µg/L for Fe and from 1360 µg/L to 686 µg/L for Mn) could
be explained by the precipitation of Fe and Mn sulfides due to the presence of hydrogen
sulfide produced by sulfate reduction [40–43], as observed for Eh < −200 mV in similar
geological settings [44]. Indeed, SO4 concentrations remained relatively stable between
Pz22 and Pz13, while they decreased significantly between Pz13 and Pz10, reaching a value
as low as 602 mg/L. This further confirmed that sulfate-reducing conditions were reached
at the AN barrier.

Approaching the AE barrier, the Eh switched back to more oxidizing conditions
(−109 mV in 206S and −80 mV in AEext4). Consistently, at 206S and AEext4, iron
(3180 µg/L and 1670 µg/L, respectively) and manganese (206 µg/L in both piezome-
ters) concentrations decreased compared with upgradient piezometers. In contrast, SO4
concentrations were not as easily correlated with Eh variations in 206S. In fact, from Pz10
to 206S, SO4 decreased while Eh increased. In contrast, from 206S to AEext4, SO4 increased
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from 395 mg/L to 931 mg/L, while Eh increased slightly. This latter trend could be due to
sulfide oxidation due to more oxidizing conditions created at the AE barrier. This should
have caused an increase in Fe and Mn concentrations as well, which may have been coun-
terbalanced by the precipitation of Fe and Mn oxides/hydroxides, which are more stable
compared with sulfides for Eh > −100 mV [44].

The behavior of NH4 was more complex than the other species, yet it was still consis-
tent with the general behavior of the sequential ISB system. In all boreholes, ammonium
concentrations were well above the analytical detection limit (0.1 mg/L), which was ex-
pected for an aquifer with a high TOC (10% (v/v)). Upgradient from the AN barrier, from
Pz22 to Pz13, the ammonium concentrations decreased from 11.62 mg/L to 9.35 mg/L,
probably due to the decrease in the natural organic matter content in sediments caused by
its progressive consumption during reductive processes, as observed in adjacent sites [45].
Concentrations of NH4 increased again to 12.6 mg/L as a result of the injection of the
reducing organic substrate at the AN barrier. The concentrations showed a significant drop
at 206S (2.96 mg/L), consistent with the increasing distance from the injection wells and
the associated lower availability of ammonium-producing substrate From 206S to AEext4;
the concentrations then increased again (10.67 mg/L) due to the injection of nutrients (P
and N) at the AE barrier.

3.1.3. C-CSIA Data

The C-CSIAs carried out in January and May 2021 were critical for providing key
information regarding the biodegradation processes that occurred in the sequential ISB. The
results are reported in Table 5. PCE and TCE isotopic signatures could not be determined in
piezometer 206S, as the concentrations of these two compounds were below the detection
limit for isotope analysis. Moreover, concentration data at Pz22 were not available for
January 2021.

Table 5. Results from the C-CSIAs from samples collected in January and May 2021. * b.d.l.—below
detection limit. The standard deviation of the concentration data was 35%.

Pz22 Pz13 Pz10 206s AEext4

Conc
(µg/L)

δ13C
(‰)

Conc
(µg/L)

δ13C
(‰)

Conc
(µg/L) δ13C (‰) Conc

(µg/L) δ13C (‰) Conc
(µg/L) δ13C (‰)

January 2021

PCE / −58.2 ± 0.7 / / 1340 −55.2 ± 0.5 0.091 b.d.l. * 1.94 −42.3 ± 0.1
TCE / −49.7 ± 0.3 / / 2250 −47.3 ± 0.1 0.41 b.d.l. * 8.1 −38.8 ± 0.6
Cis-

DCE / −40.3 ± 0.2 / / 17,600 −37.8 ± 0.2 0.71 −26.4 ± 0.4 232 −11.5 ± 0.5

VC / −32.7 ± 0.1 / / 108,000 −32.9 ± 0.2 5200 −24.4 ± 0.1 8000 −23.2 ± 0.1

May 2021

PCE 5800 −57.2 ± 0.3 3200 −55.7 ± 0.1 1410 −55.8 ± 0.4 0.054 / 0.94 −23.0 ± 0.5
TCE 30,000 −49.4 ± 0.2 20,700 −49.3 ± 0.3 4400 −47.4 ± 0.4 0.122 / 3.00 −32.1 ± 0.7
Cis-

DCE 18,900 −40.6 ± 0.5 30,600 −46.7 ± 0.1 17,800 −38.9 ± 0.5 0.5 −31.6 ± 0.8 490 −18.7 ± 0.5

VC 98,000 −32.4 ± 0.3 125,000 −33.1 ± 0.2 121,000 −33.2 ± 0.1 590 −42.5 ± 0.2 5800 −28.0 ± 0.1

For each compound, the variation in δ13C along the flow path in January and May 2021
is displayed in Figure 4.

The results revealed a general progressive increase in δ13C for all chloroethenes from
Pz22 to AEext4 in both sampling campaigns, which was consistent with the isotopic
enrichment caused by degradation processes. In fact, during degradation, microbes tend
to favor isotopically lighter molecules (containing 12C) rather than heavier molecules
containing one or more heavy atoms (13C). This leads to an enrichment of heavier molecules
in the remaining contaminant, which translates into an increase of its δ13C.



Pollutants 2022, 2 475Pollutants 2022, 2, FOR PEER REVIEW 14 
 

 

 
Figure 4. Evolution of isotopic signatures for PCE, TCE, cis-DCE and VC in January 2021 (purple 
triangles) and May 2021 (blue circles) from Pz22. 

The results revealed a general progressive increase in δ13C for all chloroethenes from 
Pz22 to AEext4 in both sampling campaigns, which was consistent with the isotopic 
enrichment caused by degradation processes. In fact, during degradation, microbes tend 
to favor isotopically lighter molecules (containing 12C) rather than heavier molecules 
containing one or more heavy atoms (13C). This leads to an enrichment of heavier 
molecules in the remaining contaminant, which translates into an increase of its δ13C. 

The isotopic enrichment produced along the AN barrier from Pz22 to Pz10 was 
similar in both sampling campaigns for all compounds. Instead, higher temporal 
variations in isotopic compositions were observed downgradient of Pz10. 

Isotopic shifts (Δ13C) were calculated for each compound as the difference between 
δ13C in the downgradient piezometer and δ13C in the respective upgradient piezometer. 
All isotopic shifts can be found in the Supplementary Materials (Table S4). The isotopic 
enrichment of PCE and TCE from Pz10 to AEext4 was higher in May (Δ13CPCE = 32.8‰ and 
Δ13CTCE = 15.3‰) compared with January (Δ13CPCE = 12.9‰ and Δ13CTCE = 8.5‰). Opposite 
behavior was observed for cis-DCE, as a slightly higher enrichment was measured in 
January from Pz10 to 206S (Δ13CDCE = 11.4‰) and from 206S to AEext4 (Δ13CDCE = 14.9‰) 
than in May (Δ13CDCE = 7.4‰ from Pz10 to 206S and Δ13CDCE = 12.9‰ from 206S to AEext4). 
For VC, the isotopic composition also increased monotonically from Pz22 to AEext4 in the 
January dataset. In contrast, in May, we found a negative isotopic shift from Pz10 to 206S 
(Δ13CVC = −9.3‰), followed by a significant enrichment from 206S to AEext4 (Δ13CVC = 
14.5‰). However, the final isotopic composition in AEext4 in May (δ13C = −28.0‰) did 
not reach values as high as in January (δ13C = −23.2‰). The unexpected drop in δ13CVC 

measured in May 2021 points to a likely intervention of processes different from 
biodegradation on the isotopic signature of VC, such as volatilization, dilution or mixing 
of multiple flow paths, as addressed in the “Discussion” section. 

Figure 4. Evolution of isotopic signatures for PCE, TCE, cis-DCE and VC in January 2021 (purple
triangles) and May 2021 (blue circles) from Pz22.

The isotopic enrichment produced along the AN barrier from Pz22 to Pz10 was similar
in both sampling campaigns for all compounds. Instead, higher temporal variations in
isotopic compositions were observed downgradient of Pz10.

Isotopic shifts (∆13C) were calculated for each compound as the difference between
δ13C in the downgradient piezometer and δ13C in the respective upgradient piezometer.
All isotopic shifts can be found in the Supplementary Materials (Table S4). The isotopic
enrichment of PCE and TCE from Pz10 to AEext4 was higher in May (∆13CPCE = 32.8‰ and
∆13CTCE = 15.3‰) compared with January (∆13CPCE = 12.9‰ and ∆13CTCE = 8.5‰). Oppo-
site behavior was observed for cis-DCE, as a slightly higher enrichment was measured in
January from Pz10 to 206S (∆13CDCE = 11.4‰) and from 206S to AEext4 (∆13CDCE = 14.9‰)
than in May (∆13CDCE = 7.4‰ from Pz10 to 206S and ∆13CDCE = 12.9‰ from 206S to AE-
ext4). For VC, the isotopic composition also increased monotonically from Pz22 to AEext4
in the January dataset. In contrast, in May, we found a negative isotopic shift from Pz10 to
206S (∆13CVC =−9.3‰), followed by a significant enrichment from 206S to AEext4 (∆13CVC
= 14.5‰). However, the final isotopic composition in AEext4 in May (δ13C = −28.0‰) did
not reach values as high as in January (δ13C = −23.2‰). The unexpected drop in δ13CVC
measured in May 2021 points to a likely intervention of processes different from biodegra-
dation on the isotopic signature of VC, such as volatilization, dilution or mixing of multiple
flow paths, as addressed in the “Discussion” section.

Overall, steady behavior was observed at the AN barrier between January and May,
while significant differences were detected in the AE area. This points to major stability of
the microbial activity in the AN zone compared with the AE zone, possibly due to the inter-
vention of physical processes linked to the activity of the AE barrier, e.g., a local variation in
air injection rates (possibly due to temporary malfunctioning of the AS wells). This is also
in line with the hypothesis of the intervention of volatilization on the isotopic signature of
VC in May since a higher injection rate of AS wells could lead to its volatilization.
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3.2. Geochemical Model

The calibration process using both methods resulted in an excellent matching between
observed and simulated concentration and isotopic data. However, the use of “Approach 1”
generated best-fitted degradation constants falling within the ranges indicated in Table 1,
but the enrichment factors were not consistent with literature values. In contrast, the use
of “Approach 2” resulted in more consistency between enrichment factors obtained in the
literature and those obtained from the model at the expense of a slightly poorer matching
between measured and calculated concentrations.

3.2.1. Approach 1

A summary of the fitted ε and k values and the corresponding RMSEs for the concen-
tration and CSIA data are reported in Table 6. The results of the concentration and isotopic
data simulations are displayed in Figure 5.

Table 6. Calibrated k and ε values for the tested scenarios with May 2021 data.

PCE TCE Cis-DCE VC

Approach 1—Reductive Dechlorination (RD)

kRD1 (y−1) 0.84 0.43 0.00 0.00
kRD2 (y−1) 2.70 11.00 2.15 0.48
εRD (‰) −9.4 −3.6 −6.2 −2.0

Approach 1—Oxidation (OX)

kOX (y−1) - - 50 50
εOX (‰) - - −2.2 −1.2

wRMSE

Concentrations 0.07 0.60 16.60 159.50
CSIA 3.89 0.36 1.18 1.67

Approach 2—Reductive dechlorination (RD)

kRD1 (y−1) 0.3 0.2 0 0
kRD2 (y−1) 6.5 2.9 0.6 0
εRD (‰) −5.6 −5.7 −16.0 0

Approach 2—Oxidation (OX)
Using the Average [Minimum ÷Maximum] εOX

kOX (y−1) - - 4.7 [0.7 ÷ 155] 2.9 [1.7 ÷ 12.6]
εOX (‰) - - −7.99 [−19.9 ÷ −0.9] −6.06 [−8.2 ÷ −3.2]

wRMSE (average εOX)

Concentrations 1.10 13.14 24.08 157.76
CSIA 1.88 0.13 1.12 0.80

The best-fitted RD degradation rates for each reaction zone (RZ) were kRD1 = 0.84 y−1

and kRD2 = 2.70 y−1 for PCE and kRD1 = 0.43 y−1 and kRD2 = 11.00 y−1 for TCE. The
larger degradation rate for TCE in RZ2 was explained by the steep drop in concentrations
observed from Pz13 to Pz10 (from approximately 160 µM to approximately 35 µM). For cis-
DCE, the best-fitting parameters were kRD1 = 0 and kRD2 = 2.15 y−1. The model reproduced
the accumulation of cis-DCE at Pz13 and the calculated value still fell within the standard
deviation of the observed data. The fitted kRD1 = 0 was consistent with the lack of cis-
DCE degradation expected in the anaerobic reaction zone RZ1 upgradient of the AN
barrier. A large deviation was present between the observed and simulated concentrations
in 206S, as the calculated values were three orders of magnitude higher (6 µM) than
the observed values (0.005 µM). For VC, the best-fitted parameters were kRD1 = 0 and
kRD2 = 0.48 y−1. As in the case of cis-DCE, the fitted kRD1 agreed with the expected lack
of VC degradation upgradient of the AN barrier, and the calculated VC concentrations
fell within the standard deviations of observed data for Pz13 and Pz10. However, the
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calculated concentrations at 206S were close to 400 µM, which was about 40 times higher
than the observed concentrations (9.44 µM). The best-fitted OX degradation kinetics kOX
were 50 y−1 for both cis-DCE and VC. Such markedly higher values compared with the RD
kinetic rates agreed with the literature data (Table 1).
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Considering the best-fitted kRD and kOX , the lowest wRMSE were calculated for the
PCE and TCE concentrations (equal to 0.07 and 0.60, respectively), for which the concentra-
tion data were perfectly reproduced. Higher wRMSE were obtained for DCE (16.60) and VC
(159.50) concentrations, for which the model did not allow for accurately reproducing the
accumulation of both compounds at Pz13, as well as the observed concentrations in 206S.
As for isotopic data, the resulting wRMSEs were the lowest for TCE (0.36), highest for PCE
(3.89) and cis-DCE and VC fell in between (1.18 and 1.67, respectively). Notwithstanding the
general good reproduction of isotopic evolutions, the enrichment factors calculated using
“Approach 1” fell outside of the literature ranges, with a few exceptions. The resulting εRD
values were−9.4‰ for PCE (literature range is−7.12–−1.60‰),−3.6‰ for TCE (literature
range is −11.65–−3.30‰), −6.2‰ for cis-DCE (literature range is −30.50–−14.90‰) and
−2.0‰ for VC (literature range is −28.8–−19.9‰). The resulting εOX values were −2.2‰
for cis-DCE (−7.90–−0.90‰) and −1.2‰ for VC (−6.06–−3.20‰). This suggested that
“Approach 1” was not useful for estimating the bioremediation parameters.
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3.2.2. Approach 2

Best-fitted concentration and isotopic data are displayed in Figure 6, while the sum-
mary of the results can be found in Table 6.
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For cis-DCE, a much lower kRD2 (0.6 y−1) was found compared with “Approach 1”,
while the resulting enrichment factor (−16.0‰) fell within the literature range. The lower
kRD2 for cis-DCE combined with the lower kRD1 and higher kRD2 of TCE (which generated
less production of cis-DCE upgradient and more production downgradient of the AN
barrier) caused an increase in the concentration peak, which shifted toward Pz10, compared
with the concentration peak obtained with “Approach 1”.

The very low kRD2 for cis-DCE was explained by considering that this species is
usually hardly degraded through RD. The same holds for VC, for which we obtained
kRD1 = kRD2 = 0. The null degradation rate in both zones demonstrated that VC was
possibly not degraded at all under anaerobic conditions at the site. The absence of VC
concentration abatement from Pz22 to Pz10 was coherent with the small decrease in δ13CVC
between the two points (∆13C = −0.8‰), which resulted from the production of VC (from
RD of cis-DCE) in the absence of its degradation.

For the estimation of the OX degradation rates, Table 6 compares the results from
the calibration by fixing the average, minimum and maximum enrichment factors values
reported in the literature (Table 1). We obtained great variability in the best-fitted oxidative
rates, namely, kOX = 0.7–155 y−1 for cis-DCE and kOX = 1.7–12.6 y−1 for VC. These ranges
agreed with the results obtained using “Approach 1” (kOX = 50 y−1). The much higher OX
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rate obtained for these compounds compared with the RD rates further confirmed that aer-
obic biodegradation of cis-DCE and VC was more effective than anaerobic biodegradation.

In this case, overall higher wRMSEs for concentrations were obtained compared with
“Approach 1”, even though in “Approach 2”, the weight of observations in RZ3 (206S and
AEext4) were halved. Like in “Approach 1”, increases in concentration wRMSEs from
PCE to VC were observed, and the lowest and the highest wRMSEs for isotopic data were
obtained for TCE (0.13) and PCE (1.88), respectively.

4. Discussion
4.1. Interpretation of the Fitted Parameters in “Approach 2”

The combination of C-CSIAs and their RTM-based interpretation provided a novel
and unique way to quantify the biodegradation kinetics that occurred in the different parts
of a sequential ISB.

The degradation of PCE and TCE occurred both upgradient (reactive zone RZ1) and
downgradient (reactive zone RZ2) of the AN barrier. The higher degradation rates in RZ2
(kRD2 = 6.5 y−1 for PCE and kRD2 = 2.9 y−1 for TCE) compared with RZ1 (kRD1 = 0.3 y−1

for PCE and kRD1 = 0.2 y−1 for TCE) were explained considering the effect of the injected
substrate in the AN barrier, proving its effectiveness in biostimulating the RD of higher
chlorinated ethenes.

The fact that kRD of PCE was higher than the kRD of TCE was explained by considering
that the degradation process tends to slow down for less chlorinated compounds [46–50].
Microorganisms such as Dehalococcoides and Dehalobacter preferentially undertake the RD of
higher chlorinated ethenes due to the higher energetic yields associated with their reduction
compared with the RD of lesser chlorinated ethenes [3,30].

Degradation rate constants for PCE and TCE upgradient of the AN barrier (kRD1) were
of the same order of magnitude as those reported in Table 1, which were obtained from the
compilation by [51]. Note that these authors analyzed biodegradation in sites exclusively
undergoing natural attenuation. The similarity of degradation rates between our study and
that compilation suggested that dehalogenating bacteria in the study site were able to carry
out an important process of degradation of higher chlorinated ethenes even without the
addition of substrates. However, given the high contaminant concentrations, the process of
natural attenuation was not enough to abate the concentrations of PCE and TCE to under a
satisfactory level, as demonstrated by the high concentrations of both compounds at Pz13.
Even though the kRD2 values were lower than the maximum values observed for natural
attenuation at some sites (in particular for PCE, for which a maximum rate of 29.00 y−1

was observed), they were still much higher than the mean literature values [51].
C-CSIA data showed an important isotopic enrichment of TCE from Pz13 to AEext4.

Since CSIA data in the middle borehole 206S for TCE were not available, uncertainties
remain about how much of the observed isotopic enrichment was produced upgradient and
downgradient of 206S through RD and OX, respectively. While TCE is preferably degraded
through RD, a few studies reported its degradation under aerobic conditions [52–55]. How-
ever, we believe that TCE OX is much less effective than RD, as no specific aerobic mi-
croorganism specialized in TCE degradation has been found to date in the study area. If
part of the observed TCE enrichment in AEext4 were produced by OX at the AE barrier, a
lower εRD would be needed for TCE. This would result in a substantially lower calibrated
εRD for TCE compared with PCE, which is not usually observed, since ε values for RD of
chloroethenes by Dehalococcoides and Dehalobacter tend to decrease from the higher to the
lower chlorinated compounds [46–50]. The same considerations apply to PCE. In this case,
we could safely rule out aerobic degradation since evidence of this process in the literature
is scarce [3,56].

Degradation of cis-DCE and VC was more efficient through OX rather than RD, as
expected. The literature εOX values considered for these compounds spanned a huge range,
thus the resulting kOX values differed markedly (0.7–155 y−1 for cis-DCE and 1.7–12.6 y−1

for VC). However, even when using the lowest literature values for εOX (−19.9‰ for
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cis-DCE and −8.3‰ for VC), a certain degree of degradation was produced nonetheless
(0.9 y−1 and 1.5 y−1 for cis-DCE and VC, respectively). Moreover, VC degradation through
OX was hugely underestimated since δ13CVC calculated in 206S by the model was higher
than the actual value (∆13C = 7.5‰). This meant that the calibrated kOX of VC reflected
only part of the enrichment produced by OX through the AE barrier from 206S and AEext.
Notwithstanding the uncertainty of the εOX values, the resulting kOX showed that cis-
DCE and VC degradation at the AE barrier was stimulated much more efficiently than in
anaerobic conditions. However, the kOX ranges for these two compounds comprised much
lower values compared with the literature values (Table 1).

The slight increase in concentrations observed from 206S to AEext4 for all compounds
could not be reproduced considering that only oxidation was active between these two
piezometers, and thus, no daughter compound was produced via RD from 206S onward.
This suggested that RD may continue even after the onset of OX at 206S. This would
allow for producing TCE, cis-DCE and VC via RD, even at the AE barrier. However, the
concentrations of PCE and TCE were not high enough to produce the increase observed
for cis-DCE and VC concentrations, which would be even higher than observed, since
cis-DCE and VC were simultaneously being degraded via oxidative pathways. Moreover,
the same increase was observed for PCE, which is the parent compound. Thus, a more
likely explanation might be that 206S did not lie perfectly on the hypothesized flow path.

4.2. Limitations and Future Developments

Although the use of C-CSIA and RTM was demonstrated to be critical to disentangle
the processes that occurred at the site, the model could not reproduce the entire behavior
of VC isotopic data. For instance, the model did not correctly simulate the marked drop
in δ13C observed in May 2021 at 206S (d = 164 m) (Figure 4). Future developments are
envisioned to improve the understanding of the processes occurring at the study site and
obtain more robust modeling tools that are able to make predictions about the fate of
contaminants. Specifically, future studies shall consider the following limiting factors of
the present work.

Processes not included in the reactive model. Our model assumed that biodegradation
was the sole process that altered the chloroethene concentrations and isotopic composition.
However, other processes, such as volatilization [57], could remove organic compounds
from the aquifer and cause isotopic fractionation. Volatilization alters the isotopic finger-
print, reducing the δ13C value while decreasing the concentrations of polluted groundwater.
Since air sparging takes place at the AE barrier, volatilization could be invoked to explain
the drop in VC concentration coupled with the huge decrease in δ13CVC observed from
Pz10 to 206S. However, to the best of our knowledge, δ13C depletion during volatilization
was only demonstrated for TCE [58–60] and dichloromethane [58], but never for VC.

Use of first-order degradation rates. Our kinetic constants were calculated using a first-
order model for which the rates depended linearly on the k value and the compound
concentration (Equation 1). While the model provided excellent fitting of the observed
data, there are many factors that could nonlinearly influence the degradation rates along a
flow path. One of them is the presence of alternative terminal electron acceptors (TEAs),
which can compete with chloroethenes for hydrogen produced by the fermentation of
the organic substrate injected and the organic matter naturally present in the site [61,62].
Iron and sulfate are the most important TEAs to consider since they are present in very
high concentrations at the study site [56–58]. The first-order model did not consider the
so-called “Haldane inhibition”, i.e., the inhibition of chloroethene RD due to its own
concentration [62–65]. It also ignores the competition with higher chlorinated ethenes. In
fact, higher chlorinated solvents are preferentially used as a source of energy, inhibiting the
degradation of lesser chlorinated compounds [62,64,66–68].

Use of a one-dimensional reactive transport model. Our 1-D reactive transport model
assumed that the flow path perfectly crossed the five boreholes analyzed in this work.
However, this remained an approximation of the more complex and multidimensional
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real-life aquifer system. Such a system is composed of multiple flow paths due to the
presence of multiple boundary conditions (such as the multiple pumping wells injection
and extracting air and water to the soil), and the ubiquitous presence of soil heterogeneity.
For instance, concentrations and isotopic data at 206S may be affected by the mixing of
different flow paths. This could explain the slight increase in concentrations observed
from 206S to AEext4, which could not be reproduced by considering a single flow path, as
discussed in Section 4.1.

Support from other isotopes. Our study was based on C-CSIA, which is widely adopted
to study biodegradation processes in complex aquifers. However, other isotopes could
be adopted to achieve a better comprehension of degradation processes, as well as a
better assessment of the ISB efficiency. In this sense, the acquisition of chlorine CSIA
data [55,67,68] could provide further information regarding the degradation pathways, as
well as provide an additional constraint on the calibrated model parameters.

5. Conclusions

Compound-specific carbon isotope analysis (C-CSIA) data and geochemical models
were used to evaluate the efficiency of an 800 m-long sequential ISB system in Italy. This
system was installed for the clean-up of a solute plume that originated from a former
landfill in Northern Italy. The combination of these different tools and methodologies is
novel and helped to disentangle the complex, nonlinear processes that occurred at different
parts of the contaminated aquifer. Specifically, it helped with evaluating and quantifying
natural biodegradation and anaerobic and aerobic biostimulation enhancing reductive
dechlorination (RD) and oxidation (OX).

The combined use of concentration and CSIA data, which were interpreted using a
properly calibrated geochemical model, was critical to identifying the relative impact of the
different processes taking place in the different portions of the analyzed flow path. The
following conclusions were drawn from this study.

The temporal trends of the observed concentrations suggested that the sequential
ISB system was highly effective at degrading chloroethenes. The median values of PCE,
TCE and cis-DCE dropped by >99% and VC dropped by >80%. The sequential effects of
anaerobic and aerobic biostimulation were consistent with the trends in Eh and redox-
sensitive species (Fe, Mn, SO4

2−, NH4
+).

Natural biodegradation of PCE and TCE took place upgradient of the AN barrier.
Here, first-order degradation rate constants that measured the efficiency of the RD (kRD)
were kRD1 = 0.3 y−1 and kRD1 = 0.2 y−1, respectively. Although this demonstrated the
ability of the indigenous microbial populations to carry out RD without the addition of
stimulating substrates, natural biodegradation was inefficient at producing a significant
reduction in PCE and TCE concentrations. The resulting reaction rate constants estimated
from boreholes downgradient of the AN barrier (kRD2) were higher (kRD2 = 6.5 y−1 for
PCE and kRD2 = 2.9 y−1 for TCE) compared with those obtained upgradient of the AN
barrier. This suggested that biostimulation was required to make RD effective for the
degradation of higher chlorinated compounds. Nonetheless, the very low or null estimated
kRD2 for cis-DCE and VC (kRD2 = 0.6 y−1 and kRD2 = 0, respectively) indicated that RD was
insufficient to complete the dechlorination process, further supporting the need for the
sequential ISB.

The degradation of cis-DCE and VC was better accomplished through OX, which was
stimulated by the AE barrier. Indeed, first-order degradation rate constants measuring
the efficiency of the OX (kOX) were much higher (kOX = 0.7–155 y−1 for cis-DCE and
kOX = 1.7–12.6 y−1 for VC) than the RD rates estimated for these species.
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M Unit of mass
L Unit of length
T Unit of time
CSIA Compound-specific isotope analysis
ISB In situ bioremediation
AN Anaerobic
AE Aerobic
PCE Tetrachloroethene
TCE Trichloroethene
DCE Dichloroethene
VC Vinyl chloride
RD Reductive dechlorination
OX Oxidation
ALRC Artificial land reclamation canal
RZ Reactive zone
kOX Degradation rate constant for OX
kRD Degradation rate constant for RD
αL Longitudinal dispersivity
ε Enrichment factor
vr Retarded velocity
vnr Non-reactive velocity or tracer velocity
β Retardation factor
β Average retardation factor
ρb Bulk density
φ Porosity
foc Fraction of organic carbon
koc Partition coefficient between organic carbon and water (L/kg or cm3/g)
K′d Distribution coefficient (mg sorbed/kg solid)/(mg solute/L pore water) (L/kg or cm3/g)
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